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[1] The scale dependence of nutrient loads exported from a catchment is a function of
complex interactions between hydrologic and biogeochemical processes that modulate
the input signals from the hillslope by aggregation and attenuation in a converging
river network. Observational data support an empirical inverse relation between the
biogeochemical cycling rate constant for nitrate k (T−1) and the stream stage h (L), k = vf /h,
with vf, the uptake velocity (LT −1), being constant in space under steady flow conditions.
Here we offer a physical explanation for the persistence of this pattern across scales and
then extend the analysis to spatiotemporal scaling of k under transient‐flow conditions.
Inverse k‐h dependence arose as an emergent pattern by coupling the mechanistic Transient
Storage Model with a network model. Analytical modeling indicated that (1) nitrate
processing efficiency increases with increasing variability in the discharge Q and (2)
temporal averaging had no effect on the exponent a of the k‐h relationship (k = vf /h

a) in
catchments with low Q variability, but strong dependence arose in catchments with high
variability in Q. Network modeling in domains with low Q variability confirmed that the
exponent a was independent of temporal averaging, but vf was a function of the averaging
timescale. The probability distribution functions for k could be adequately predicted using
analytical approaches. Understanding the k‐h scaling relationships enables the direct
estimation of the variability in nutrient losses due to in‐stream reactions without requiring
explicit information for spatially distributed network modeling.
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1. Introduction

1.1. Background and Motivation

[2] Human impacts on the landscape are manifested in
streams and receiving water bodies that integrate inputs of
water and solutes from spatially extensive drainage areas
[Galloway et al., 2008;Gruber and Galloway, 2008]. Water‐
quality deterioration and impairment of aquatic ecosystem
habitats follow human impact gradients reflected in increased
agricultural, urban, and industrial activities. Ecosystem
impacts include chronic effects driven by accumulated
nutrient loads (e.g., coastal hypoxia), acute effects generated
by exposure of aquatic biota to high pollutant concentra-
tions, and hydrologic alterations to the lotic habitat. Increased
nutrient loads delivered from watersheds due to agricultural
intensification, industrialization, and urbanization have con-

tributed to the persistence of large hypoxic zones in inland
and coastal waters at a global scale [e.g., Smith, 2003; Diaz
and Rosenberg, 2008; Kemp et al., 2009; Rabalais et al.,
2009; Osterman et al., 2009; Rabalais et al., 2010]. Agri-
cultural activities have also contributed to pesticide pollution
that is associated with birth defects and reproductive problems
[Winchester et al., 2009; Fuortes et al., 1997]. Of more
recent concern are the emerging contaminants (pharmaceu-
ticals; synthetic and natural hormones) that are generated
from land application of animal manures near Concentrated
Animal Feeding Operations (CAFOs), and by discharges
from municipal wastewater treatment plants [Soto et al.,
2004; Durhan et al., 2006].
[3] Numerous factors must be accounted for in order to

predict the environmental fate and transport of these solutes:
(1) the “source function” which characterizes the spatial
distribution and magnitudes of the sources; (2) the release
dynamics, i.e., mobilization as determined by the interaction
between biogeochemical and hydrologic processes; and (3) the
“reactivity” of the constituents (sorption, transformations,
uptake, etc.) while being transported through the vadose
zone, saturated zone (groundwater) and the stream network.
[4] This paper focuses on the modification of solute loads

exported along stream networks, as a result of (1) aggregation
of loads from contributing subwatersheds and (2) attenuation
resulting from biogeochemical uptake or transformation in
the stream. Persistence and transport of chemicals in stream
networks is controlled by complex interactions between the
biogeochemical attenuation processes (e.g., sorption, abiotic
and biotic transformations) occurring in the water column and
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sediments, and the hydrologic transport processes (e.g., water
flow, hyporheic exchange) that propagate solute loads [Boyer
et al., 2006]. A substantial body of literature on in‐stream
processing at multiple spatiotemporal scales is available for
nitrogen, and thus our framework and analyses are focused
on nitrate.

1.2. Metrics for In‐Stream Nitrate Loss

[5] Nitrate loss in streams is commonly described by an
“in‐stream removal” metric, defined as a function (R) of the
load exported by the stream (Fout), and the load delivered
from the landscape to the stream (Fin):

R ¼ 1� Φout

Φin
ð1Þ

R (0 < R < 1) varies with the specific temporal (e.g., daily,
monthly, seasonal or annual) and spatial (e.g., reach or
catchment) scales of averaging. Normalization by input loads
in equation (1) accounts for variations in land use, so that R
primarily represents the scaling of nitrate loads arising from
in‐stream processes.
[6] Although a number of physical‐chemical processes

drive nitrate losses in streams, the cumulative effects of these
processes are traditionally described using first‐order kinetics
[Alexander et al., 2000; Boyer et al., 2006]. At the scale of a
single reach, and assuming first‐order removal kinetics, R can
be described as a function of the first‐order biogeochemical
cycling rate constant k (T−1) and themean hydraulic residence
time within the reach t [T] (= L/u; where L is the length of the
reach, and u [L/T] is the stream velocity):

R ¼ 1� exp �k�ð Þ ð2Þ

The two dominant processes that remove nitrate from streams
are biotic uptake in the water column, and denitrification
within the anoxic sediment [e.g., Doyle, 2005; Böhlke et al.,
2008]. Of these, denitrification is the primary process con-
tributing to the net removal of N within the river network
[Wollheim et al., 2006; Boyer et al., 2006]. Assimilatory
processes (e.g., plant uptake) result in temporary removal of
nitrate, but mineralization eventually releases the nitrogen
back to the water column [Wollheim et al., 2006].
[7] For this study we focus on denitrification, and in the

rest of the manuscript k will be used to denote the effective
rate constant for denitrification. The parameter k represents
the combined effect of mass transfer rates across the sedi-
ment‐water interface and denitrification rates in the stream
sediment. Significant spatial variability has been documented
in these rates as a function of stream sediment characteristics,
local gradients, availability of carbon, and redox conditions
[Inwood et al., 2005; Arango et al., 2007; Arango and Tank,
2008; Mulholland et al., 2008; Battin et al., 2008]. Despite
this complexity, several experimental studies conducted
under steady flow (base flow) conditions have shown that the
first‐order denitrification rate constant varies inversely with
stream stage h [L]; k = vf /h, with vf, the uptake velocity (LT

−1)
being essentially constant [Alexander et al., 2000; Doyle
et al., 2003; Wollheim et al., 2006; Ensign and Doyle,
2006; Alexander et al., 2009; Marcé and Armengol, 2009].
[8] A constant vf has been attributed to decrease in the

volume of the anoxic sediment zone relative to the water

column with increase in stream depth [Wollheim et al., 2006;
Botter et al., 2010]. However, a quantitative explanation of
the observed stage dependence of k, and an analysis of the
expected variability of vf as a function of the mass transfer
and the denitrification parameters is largely lacking. The
inverse stage dependence of k has interesting implications
for scaling of solute loads. Stream discharge and stage vary
in space (along a stream network), as well as in time
(transient flow in response to storm events) at any reach
within the network, leading to spatiotemporal fluctuations
in k. While the scaling behavior of hydrologic variables
(e.g., Q, h, t) along a stream network has been studied
extensively [McKerchar et al., 1998; Rodriguez‐Iturbe and
Rinaldo, 1997], the scaling relationships of biogeochemical
processing (manifested in k) have not been well explored
[Alexander et al., 2000].

1.3. Objectives and Organization

[9] This paper explores the scale dependence of the bio-
geochemical cycling rate constant (k; T−1) along a stream
network, and the relative role of hydrologic and biogeo-
chemical controls on k. Three key questions drive the analysis.
[10] 1. What are the underlying process level explanations

for the persistence of the observed inverse relationship
between k and h for nitrate attenuation dynamics in streams?
[11] 2. How do reach‐scale k‐h relationships, measured

under steady‐flow conditions, vary with spatial and temporal
averaging through aggregation along a converging stream
network during transient‐flow conditions?
[12] 3. Can the intra‐annual variability in hydroclimatic

forcing coupledwith hydrologic and biogeochemical controls
be used to predict the intra‐annual variation in k?
[13] Answering question 1 (section 4) would help to bridge

the gap between mechanistic approaches used at the reach
scale and empirical approaches used at the network scale (see
section 2.2 for further details). It would also provide insight
into the expected range of vf values based on measurable
stream attributes (e.g., mass transfer rate across the sediment
water interface, and denitrification rate constant in the sedi-
ment). Question 2 (section 5) has important implications for
the prediction of in‐stream solute losses due to biogeochemical
processes. We hypothesize that if indeed scale‐dependent
relationships emerge, predicting such losses may be possible
using analytical approaches, avoiding the need to use spatially
distributed stream network models. Finally, answering Ques-
tion 3 (section 6)would enable the estimation of the probability
density functions (pdf’s) to characterize the mean and vari-
ability in nutrient removal, based only on estimates of known
climatic and anthropogenic forcing. Before we address these
three questions explicitly, a conceptual framework to permit
analysis of the problem is developed in section 2 and the
methodology is described in section 3.

2. Conceptual Framework

2.1. Hydrologic Versus Biogeochemical Controls
on Nitrate Removal Dynamics

[14] Denitrification occurs primarily in the anoxic stream
sediment, which is supplied with nitrate from the water col-
umn by mass transfer across the sediment‐water interface
[Stream Solute Workshop, 1990]. These interactions can be
quantified using the transient storage model (TSM), first
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proposed by Bencala and Walters [1983], and extensively
used since then in tracer studies in streams [Wagner and
Gorelick, 1986; Hart, 1995; Green et al., 1994; Runkel and
Chapra, 1993; Harvey et al., 1996; Marion et al., 2003,
2008]. Block A in Figure 1 is a schematic representation of
the two‐compartment TSM model that describes reach‐scale
concentration dynamics as a function of the mass transfer rate
constant a [T−1] at the sediment‐water interface, and the
denitrification rate constant in the stream sediment ksed [T

−1].
Note that ksed and a can vary spatially within a reach, and the
values used here are average values for over reach.
[15] The TSM approach described above has been exten-

sively used at the reach scale to interpret reactive and non-
reactive tracer data [Mulholland and DeAngelis, 2000;
Thomas et al., 2003; Tank et al., 2008]. At catchment scales,
however, nitrate transport modeling is primarily based on
empirical relationships (k = vf /h). The lack of a mechanistic
link between the two scales makes applying reach‐scale
experimental data to catchment‐scale predictions challeng-
ing. Botter et al. [2010] attempted to establish a link between
reach and catchment scales by deriving a functional form for
the k‐h relationship from TSM. However, their analysis was
limited by assumptions of steady state, and specific functional
form for the mass transfer rate.
[16] Here, we will expand on their work by solving the

coupled reach‐scale TSM equations under steady and tran-
sient flow conditions, to estimate R and k (using equation (1))
by making reasonable assumptions regarding the mean travel

time (see section 3). The k (block B in Figure 1) thus esti-
mated represents the combined effects of the mechanistic
hydrologic (a) and biogeochemical (ksed) parameters. Eval-
uating the expected range of the empirically defined k
or uptake velocity (vf = kh) for measured ranges of the
mass transfer and denitrification parameters enables link-
ing mechanistic and empirical approaches of solute removal
dynamics.

2.2. Spatiotemporal Scaling of In‐Stream Removal
Along a River Network

[17] Because k depends on h, spatiotemporal fluctuations
in flow conditions (Q or h) are propagated into k. Given that
these Q and h fluctuations scale predictably through space
and time [Rodriguez‐Iturbe and Rinaldo, 1997], k should also
display predictable scaling behavior. Establishing such rela-
tionships enable prediction of total annual in‐stream removal
at the reach and network scales, without using explicit dis-
tributed network models.
[18] A schematic of the spatiotemporal averaging scheme

is presented in Figure 1 (blocks C and D). We start with
a relationship between k and h measured under base flow
scenarios (block B in Figure 1), then scale up in time (block C
in Figure 1) to obtain a relationship between kt (temporally
averaged reaction rate constant) and hmean (hmean = mean
annual (or, monthly) stage at any reach estimated from the
mean annual (or, monthly) discharge and the stage‐discharge

Figure 1. Schematic showing spatiotemporal averaging of reaction rate constants along the stream
network.
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relationship), and scale up in space (block D in Figure 1) over
a stream network to obtain a relationship between kst (spa-
tiotemporally averaged reaction rate constant) and hmean.
Note that for network‐scale analysis, hmean is the mean annual
stage at the reach immediately upstream of the node at which
the averages are estimated (i.e., a local value rather than a
catchment‐scale average value). The significance of these
mean values for describing spatiotemporally averaged param-
eters will be discussed below.
[19] The temporally and spatiotemporally averaged reac-

tion rate constants kt [T
−1] and kst [T

−1], respectively, are
defined as

kt ¼ Ln 1� Rtð Þ
�t

ð3Þ

kst ¼ Ln 1� Rstð Þ
�st

ð4Þ

whereRt andRst are the fractional nutrient removal, as defined
in equation (2), with the subscript t denoting the specified
averaging timescale (here we use annual or monthly) for a
given stream reach, and subscript st denoting averaging over
all reaches upstream of a node in the network. In addition,
tt and tst are the temporally and spatiotemporally averaged
residence times, respectively. Scaling of k to estimate kt
and kst requires an understanding of how to scale nutrient
removal (R) and the residence time t; this is accomplished
using the results of a network model (section 5).

2.3. Probability Distribution Functions for k

[20] The intra‐annual variability in k (as described by its
pdf, p(k)) has received considerably less attention than
descriptions of mean behavior [Doyle, 2005; Marcé and
Armengol, 2009; Hoellein et al., 2007; Böhlke et al., 2008;
Botter et al., 2010]. Intra‐annual variability of stream
hydrologic conditions (e.g., frequency, duration and magni-
tude of the stream discharge) are directly controlled by the
stochastic nature of the hydroclimatic forcing (rainfall pat-
terns, potential evapotranspiration demands), and the spatial
distribution of landscape attributes (soils, topography, vege-
tation) [Botter et al., 2007a, 2007b, 2008, 2010]. The sto-
chasticity in Q means that the stream depth (h) and the

removal rate constant (k) are also random variables [Botter
et al., 2007a, 2007b, 2008, 2010]. Botter et al. [2010]
examined the stochastic properties of the intra‐annual varia-
tions in k in a stream reach, by linking rainfall forcing,
landscape features, and stream geomorphology to in‐stream
processes. Assuming the streamflow pdf, p(Q), to be a
Gamma function, a power law relationship between stage and
discharge (h = mQn; m and n are constants), and an inverse
stage dependence of k, Botter et al. [2010] developed the
following analytical expressions for the pdf of the stream
stage, p(h) and nutrient removal rate constant p(k):

p Qð Þ ¼ �
�=kc
Q Q�=kc�1 exp ��QQ

� �
G �=kcð Þ ð5Þ

p kð Þ ¼
W Wkð Þ � �

nkc
�1ð Þexp � Wkð Þ�1=n

� �
G �=kcð Þn ð6Þ

where l [T−1] = frequency of streamflow producing rainfall
events; kc [T

−1] = inverse of mean catchment residence time;
gQ [T/L3] is the mean runoff; and G(l/kc) is the complete
Gamma function of the argument l/kc; Ω = 1/(�vf); � = gQ

n /m
represents the inverse of the stage observed when the dis-
charge is equal to the mean streamflow jump produced by the
runoff events. The analytical equations developed by Botter
et al. [2010] will be evaluated using results from the net-
work model (section 6).

3. Methods

[21] Methods of analysis specific to the three key questions
(see section 1.3) are presented below; overlap of methods
between these questions was necessary to maintain clarity.

3.1. Mechanistic Basis for the Empirical k‐h
Relationship (Question 1)

[22] We used a dynamic network flowmodel, coupled with
a two compartment (sediment and water) biogeochemical
process model. The dynamic network flow model is based
on the representative elementary watershed (REW) theory of
Reggiani et al. [1998, 1999, 2001], while the biogeochemical
process model is based on the upscaling of the TSM model
equations for dissolved nutrients [Bencala and Walters,
1983; Runkel, 1998], with explicit inclusion of the interac-
tions between the main water column and the sediment zone
(S. T. P. Ye et al., Dissolved nutrient removal dynamics in
river networks: A modeling investigation of transient flows
and scale effects, submitted to Water Resources Research,
2011). The TSM equations are solved at the reach scale where
the advection term and the lateral mass inflow term are
replaced by solute mass input from upstream nodes, and mass
output to downstream nodes. We thus neglect longitudinal
variations within a reach, but consider this approximation
to be reasonable since our interest lies at the network scale.
The coupled model is implemented using a river network
extracted from the digital elevation model available for Little
Vermilion River Watershed, (LVRW) a 489 km2 basin
(Figure 2) in east central Illinois [Mitchell et al., 2000;
Algoazany, 2006]. Further details of themodel and the site are
presented by Ye et al. (submitted manuscript, 2011).

Figure 2. Map of the Little Vermilion River Basin in east
central Illinois with 29 REWs delineated.
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[23] Model outputs were used to analyze the effects of the
mass transfer rate constant a (T−1), and the removal rate
constant in the stream sediment ksed (T

−1) on the resultant k‐h
relationship. We first explored this question under steady
base flow (1 mm/d) conditions. The steady‐flow simulations
were expected to mimic the steady state stream tracer
experiments that are the source of most of the available data,
and simplify the system dynamics by omitting flood wave
propagation. A constant input nitrate concentration of 5 mg/L
was used to simulate typical ranges of nitrate concentration at
base flow in the watersheds dominated by corn‐soybean
rotations in the Midwestern United States. [Schilling and
Libra, 2000]. Note that given the assumption of linear reac-
tion kinetics for denitrification, the choice of nitrate con-
centration has no effect on the first‐order rate constant. The
reach‐scale removal Rwas estimated as the ratio of the solute
mass lost in the reach and the mass delivered to that reach.
The residence time (t) was calculated using the reach length
and Manning’s equation for velocity. The rate constant k was
estimated using equation (2), and expressed as k = vf /h

a.
Instead of implicitly assuming an empirical form of vf (= kh)
[Wollheim et al., 2006], we analyzed the simulation outputs to
determine the vf and a values that were the best fit to the
model outputs. The variability in vf and a was evaluated as
a function of variations in a and ksed for which a reasonable
range of empirical values were obtained from the literature,
as discussed below.
[24] Battin et al. [2008] provide a compilation of a (T−1)

values estimated in reach‐scale tracer experiments in tem-
perate, tropical, semiarid and Arctic streams (Figure 3, left).
Across these diverse sites, a values follow an asymmetric
distribution (range: 0.02–16 h−1) with a modal value of
0.36 h−1, and 80% of the values between 0.02 and 2 h−1.
Estimates of the reach‐scale mean rate constant in the sedi-
ment ksed (T

−1) are sparse in comparison to a. Most stream
nutrient studies are focused on estimating the effective loss
rate between two sampling locations, which provides an
estimate of k, not ksed. Our estimates of the behavior of ksed
are therefore based on a single large‐scale nitrogen stable
isotope study, the Lotic Intersite Nitrogen Experiment
(LINX). LINX examined 72 representative reaches in North
America to investigate in‐stream N retention processes
under base flow conditions [Mulholland et al., 2008]. The
estimated k values followed a strongly asymmetric distribu-
tion (Figure 3, right), with a range between 0.002 to 4.8 h−1,
and a mode of 0.01 h−1; 80% of the values were between
0.002 and 0.08 h−1. For our analysis, we useda = 0.025, 0.25,

1 and 2.5 h−1 and ksed = 0.025, 0.1, 0.5 and 2.5 h
−1 to cover the

range of values reported in the literature.

3.2. The k‐h Scale Dependence (Question 2)

[25] We explored this question using models of varying
levels of complexity: (1) analytical approach at the reach
scale for the kt‐hmean relationship, (2) mechanistic approach
including Transient Network Simulations (TSM+REW) for
kt‐hmean and kst‐hmean relationship, and (3) network modeling
of the Mississippi‐Atchafalaya River Basin (MARB) for the
kst‐hmean relationship. The three modeling approaches had
different assumptions as discussed below. The convergence
between these varying approaches suggests that the results
are robust against variations in model assumptions and lim-
itations. Experimental data to explore scale dependence of
in‐stream solute losses are largely lacking at the network
scale, which forces this strong dependence on modeling
analyses to draw inference at these scales.
[26] The analytical approach is based on using the pdf ofQ

(as defined by stochastic hydroclimatic controls) and the
dependence of k and t on Q to estimate the temporally
averaged rate constant kt at the reach scale. To do so we use
equation (3) and the following definitions of Rt and tt:

Rt ¼
Z

p Qð ÞR Qð ÞdQ ¼
Z

p Qð Þ 1� exp �k�ð Þð ÞdQ

¼
Z

p Qð Þ 1� exp � vf
h

L

u

� �� �
dQ ð7Þ

�t ¼
Z

p Qð Þ� Qð ÞdQ ¼
Z

p Qð Þ L

u

� �
dQ ð8Þ

[27] Here, power function relationships between h and
Q (h = mQn; m and n are constants) and u and Q (u = rQs;
r and s are constants) are used to describe the dependence of
R and t on the stream hydraulic variables. We assumed a
Gamma distribution to describe p(Q) (equation (5)) and cal-
culated the mean stage hmean using the mean discharge Qmean

and the stage‐discharge relationship. The tractability of the
analytical approach enabled an explicit comparison of the
kt‐hmean relationship across different catchment‐climate
regimes (as embodied in l/kc), as well as biogeochemical
regimes (as embodied in vf). Five values of l/kc = 0.5, 1, 1.5,
2 and 2.5 were used, representing a progression of decreas-
ing variability in the streamflow distribution. Increases in

Figure 3. Distribution of experimental values for (left) the mass transfer exchange rate a and (right) the
rate of denitrification in stream sediments (ksed) [Battin et al., 2008; Mulholland et al., 2008].
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l/kc correspond to a decrease in the variability of p(Q)
(equation (5)), since the coefficient of variation of the Q
distribution is given by

ffiffiffiffiffiffiffiffiffi
kc=�

p
. Two uptake velocities vf = 10

and 100 m/yr were used, based on a range of values drawn
from data synthesis [Wollheim et al., 2006]. Note that these
rates represent removal by denitrification only, and are
smaller than reported uptake velocities when both denitrifi-
cation and biotic uptake within the water column are con-
sidered [Doyle, 2005]. Finally, we used m and n values of
0.3 and 0.4, and r and s values of 0.3 and 0.2 based on the
average (over all reaches) scaling behavior predicted by
the hydraulic model (REW) mentioned in section 3.1 and
described in Ye et al. (submitted manuscript, 2011).
[28] The analytical approach is easily tractable, but

required several simplifying assumptions that were relaxed in
the two network numerical modeling approaches (approaches
b and c; see above). The two network approaches were dis-
tinctly different in their model assumptions, as well as the
scale of analysis. The mechanistic approach (approach b), as
described in section 3.1, used the two‐compartment TSM
approach coupled to a dynamic flow model to describe the
denitrification kinetics. The kt‐hmean and kst‐hmean relation-
ships were estimated as functions of nested scales (2 km2 –
489 km2) in a single watershed, and for a single climatic
regime representative of the humid Midwest United States.
The empirical modeling (approach c), was done as a part of a
separate study, and used the coupled IBIS‐THMB Model
[Donner et al., 2002, 2004]. IBIS‐THMB employs standard
empirical approaches (k = vf /h) to describe denitrification
kinetics. The kst‐hmean relationship was estimated at the outlet
of large watersheds (>10,000 km2; see Table 1 for details on
individual watersheds), across different climatic regimes in
the MARB system. The scale of resolution (∼ 100 km2) was
much coarser in the MARB study making nested analysis
similar to LVRW difficult. Variable discharge and concen-
tration time series data from subwatersheds were used as
inputs to the stream network model in both approaches. In
LVRW, the model was run for 7 years, while in MARB the
duration of the model run was 30 years.
[29] The reach‐ and network‐scale effective rate constants

(kt and kst) were calculated using equations (3) and (4), model
outputs of Rt and Rst, and estimates of tt and tst. The tem-
porally averaged residence time was calculated in approach b
based on Manning’s equation for velocity and the length of
the reach. The spatiotemporally averaged residence time tst in
approach b was estimated by considering the distribution of
travel paths to a node, and the mean travel times along those

paths (Ye et al., submitted manuscript, 2011). The spatio-
temporally averaged residence time tst in approach c was
based on simple scaling relationships that exist between res-
idence times and upstream contributing area (t = −0.0065 +
0.2642A1/3, t is the residence time in days and A is the
upstream contributing area in km2 [Alexander et al., 2000]).

3.3. The Probability Distribution Function of k
(Question 3)

[30] Botter et al. [2010] developed an analytical expression
to describe the intra‐annual probability distribution function
of k as a function of underlying climatic, hydrologic and
biogeochemical controls (see equation (5)). The outputs from
the MARB analysis were used to explore the predictive
capacity of this analytical approach (section 6). The distri-
bution of kst values estimated using Rst and tst in the MARB
analysis were used to plot the intra‐annual pdf of k. To
evaluate the predictive capacity of the analytical approach,
we fitted the monthly discharge data to gamma distributions,
and estimated gQ and l/kc (Table 1). The estimated gQ and
l/kc, and the mean exponent and coefficient of the monthly
kst‐hmean relationship were then used to predict the pdf of k.

4. Mechanistic Basis for the Empirical k‐h
Relationship

[31] Process level controls on the experimentally observed
k‐h relationship were investigated by coupling a reach‐scale
mechanistic model with a spatially explicit network model.
The statistical distributions for a and ksed derived from the
literature were asymmetric (Figure 3), prompting us to select
the mode value (a = 0.36 h−1; ksed = 0.01 h−1) for model
simulations. The reach‐scale removal is presented as function
of increasing discharge for first‐, second‐ and third‐order
streams along the river network in LVRW (Figure 4). As
expected, R decreases with increase in Q because the sedi-
ment‐water contact area is proportionally smaller, resulting
in smaller in‐stream losses (Figure 4). Methods outlined in
section 3.1 were used to estimate k from R (Figure 5). We
found the k‐Q relationship to be well described by a power
function (k = 1.97Q−0.44; R2 = 0.91). Further, for this network,
the imposed hydraulics dictated the existence of a power‐
function relationship between reach‐scale h (m) andQ (m3/s)

Table 1. Parameters of the Probability Distribution Function of k
(Figure 11) for Watersheds in the Mississippi Basin [Donner et al.,
2004]

Watershed Name
Area
(km2)

Predicted Fitted

l/kc
1/gQ
(m3/s) l/kc

1/gQ
(m3/s)

Allegheny 29,098 2.8 183 0.6 2,415
Muskinghum 16,000 1.9 97 4.0 63
Rock 23,766 2.6 101 0.7 1,085
Iowa 32,224 2.2 150 0.8 6,89
Illinois 71,606 2.9 276 0.8 1,790
Tennessee 143,373 1.6 1,528 1.1 2,931
Yellowstone 179,341 2.7 96 1.5 137
Grand 19,878 2.0 88 0.8 441
Canadian 75,669 2.6 41 1.0 67

Figure 4. Relationship between reach scale R and Q for dif-
ferent stream orders. Simulation results are based on the net-
work model in the Little Vermilion River Watershed.
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(h = 0.29Q0.41; R2 = 0.94), which resulted in an inverse
dependence of k on h (k ∼ 0.5/h1.1). This result, with a = 1.1,
is consistent with the empirical observations of an inverse
dependence of reach‐scale removal rate constant on the
stream stage [Alexander et al., 2000].
[32] The effect of the range of values of a and ksed

(Figure 3) on the resultant k‐h relationship was explored
(Figure 6). The exponent a value varied over a narrow range
(0.9 to 1.1), despite 2 orders of magnitude variation in a and
ksed (Figure 6b). The uptake velocity vf was nearly indepen-
dent of a, but varied linearly with ksed (Figure 6a). To explore
the coupled effects of the two rate constants, we defined the
nondimensional term ksed /a to quantify the role of hydrologic
(a) versus biogeochemical attributes (ksed) in describing the
resultant stage dependence. The exponent a was closer to 1
for very high (>10) and very low (<0.1) values of the ratio
ksed /a, and clustered around 1.1 for intermediate values
(Figure 6c).

5. The k‐h Scale Dependence

[33] Having established that the empirical k‐h relationship
emerges as a result of the controls on the mass transfer
exchange between the stream and the transient storage zone,
we now explore how this relationship scales up over a river
network to generate effective relationships in time (kt‐hmean;
block C in Figure 1) and space (kst‐hmean; block D in
Figure 1).

5.1. Temporal Averaging at the Reach Scale (kt)

5.1.1. Analytical Approach Based on Empirical k‐h
Function
[34] The temporally averaged rate constant kt decreases

with an increase in the mean stage (hmean), and the rate of
decrease is a function of hydrologic (l/kc) and biogeochem-
ical (vf) controls (Figure 7). For the same mean annual dis-
charge, increase in the variability in Q (or, decrease in l/kc)
leads to greater in‐stream nutrient processing (larger kt).
Although the analytical expression for the kt‐hmean relation-
ship is complex, this relationship was reasonably approxi-

mated by a power law (R2 > 0.98). For streams in which
l/kc > 1 (hereafter referred to as “damped” systems owing to
the lower intra‐annual variability in Q), both the best fit
coefficient (vf,t) and exponent (at) of the power function fit to
the kt‐hmean relationship were approximately the same as
those of the underlying k‐h relationship (Table 2). In contrast,
in streams with l/kc < 1 (hereafter referred to as “flashy”
systems owing to the greater intra‐annual variability in Q), at
was smaller and vf,twas greater than the parameters of the k‐h
relationship. The rate of change of at and vf,t was highly

Figure 5. Emergent power function relationship between
the effective k and stage h at the reach and catchment scale.
Note that the observed inverse dependence arises in the reach
scale relationship, while the network scale relationship has a
smaller exponent. Simulation results are based on the network
model in the Little Vermilion River Watershed.

Figure 6. Variation of the coefficients and exponents of the
k = vf /h

a relationship as a function of a and ksed (a) vf as a
function of a; (b) a as a function of a; and (c) a as a function
of ksed /a. Simulation results are based on the network model
in the Little Vermilion River Watershed.
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nonlinear (Table 2) and greater for the smaller vf (=10 m/yr).
These results indicate the emergence of scale independence
in “damped” streams, while strong nonlinearity and scale
dependence might be more characteristic of “flashy” streams.
This arises due to the strong asymmetry in p(Q) in flashy
streams that leads to hmean not being the representative stage.
5.1.2. Mechanistic Approach (TSM+REW)
[35] The reach‐scale kt‐hmean relationship (Figure 8a) for

different reaches along the stream network in LVRW was
estimated using outputs from the mechanistic network model
(TSM + REW) and the methods outlined in section 3.2. With
increasing contributing area along the nodes of the network,
hmean increases, resulting in a decrease in kt. We compare
results obtained under steady‐flow scenarios with transient‐
flow simulations using monthly and annual averaging. For
both the monthly and annual averaging, all 7 years of data
collapsed to yield a unique kt‐hmean power‐function rela-
tionship (Figure 8a). The exponent of the relationship was
similar for both averaging time scales and equal to the
exponent of the steady‐flow relationship, suggesting emer-
gence of temporal‐scale invariance. The coefficient (vf,t) was
similar for the steady flow and the monthly averaging sce-
narios, but lower for the annual averaging scenario. This

difference is attributed to the carryover of residual nitrate in
the stream sediments across averaging periods, as discussed
below.
[36] Carryover refers to the fraction of the nitrate that is

retained in the system (particularly in stream sediments)
between averaging periods. It arises from the residence time
of some of the nitrate being greater than the averaging time-
scale. We found significant carryover of nitrate both in the
steady and the transient flow simulations, especially at annual
time scales. This led to the total nitrate removal being greater
than the nitrate input into the stream network for some years.
While carryover between adjacent time periods is plausible,
observations of removals exceeding inputs are anomalous
from amass balance perspective. To correct for this effect, we
initialized the model at the start of every year to run with
zero nitrate in the sediment. We attribute the lower vf,t at the

Figure 7. Analytical modeling used to derive the kt‐hmean
relationship for l/kc = 0.5, 1, 1.5, 2, and 2.5 and vf = 10 m/yr
(dashed lines) and 100 m/yr (solid lines). Power functions
are fitted to the kt‐hmean relationship, and the resulting expo-
nents and coefficients are presented in Table 2. Results show
that the k‐h relationship does not change with temporal
averaging in wet (l/kc > 1) domains but is significantly
affected by averaging in dry domains (l/kc < 1).

Table 2. Exponents (at) and Coefficients (vf,t) of the Power‐
Function Fit to the kt‐hmean Relationship Function of Temporal
Averaging Using the Analytical Approach

l/kc

at vf,t

vf = 10 vf = 100 vf = 10 vf = 100

0.5 0.63 0.59 46 274
1.0 0.95 0.90 18 183
1.5 0.98 0.98 9 91
2.0 1.00 1.00 9 91
2.5 1.00 1.00 9 91

Figure 8. Relationship between the effective k and mean
stage at (a) the reach scale and (b) the catchment scale. Sim-
ulation results are based on the network model in the Little
Vermilion River Watershed. Black triangles represent the
base flow scenario, black crosses represent monthly outputs
from the transient simulations, and colored symbols represent
annual outputs from the transient simulations. Each color
indicates a different year, while each data point indicates a
different reach for reach scale analysis and a different node
in the network for catchment scale analysis.
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annual time scale as being due to this initialization. A lower
coefficient indicates that there was less removal at the annual
time scale than at monthly scales, which occurs because we
neglect the effect of potential removal of the carryover nitrate
from the previous year. There is little data on carryover in the
field because most reach‐scale studies are short‐duration
experiments. Previous modeling studies did not encounter the
carryover effect since they were based on empirical functions
for nitrate removal in the stream sediment. Our results indi-
cate that carryover does not affect the exponent of the k‐h
relationship, but does affect the magnitude of the uptake
velocity. Sensitivity of the uptake velocity to the carryover
fraction, and existence of carryover in field studies need to
be explored in further detail in future work.

5.2. Spatiotemporal Averaging at the Network Scale

5.2.1. Mechanistic Approach (Based on TSM+REW)
[37] The network‐scale kst‐hmean relationship (Figure 8b)

along the LVRW stream network is estimated using outputs
from the mechanistic network model (TSM + REW) and the
methods outlined in section 3.2.We compare results obtained
under steady‐flow scenario with transient‐flow simulations
using monthly and annual averaging (Figure 8b). The expo-
nent of the kst‐hmean relationship was similar between
steady‐ and transient‐flow simulations, but lower than the
exponent of the kt‐hmean. The smaller value of the exponent of
the kst‐hmean relationship compared to the kt‐hmean relation-
ship is attributed to the greater processing that occurs at the
network scale because of the longer residence time. Similar to
the observations for temporal averaging, vf,t values were
similar for monthly averaging and steady‐flow scenarios,
but lower for annual averaging. We attribute this effect
to carryover of residual nitrate, as discussed in section 5.1.2.
5.2.2. Empirical Approach (Based on Donner et al.
[2004])
[38] Donner et al. [2004] presented the results from basin‐

scale simulations for percent annual in‐stream removal of
nitrate as a function of basin‐averaged precipitation (P). They
noted an inverse relationship between nitrogen removal and
increasing precipitation (Figure 9a). Despite the presence of
this general pattern of inverse dependence across watersheds
in different climatic regimes, the specific R‐P relationship
appeared to be watershed specific, with similar precipitation

leading to different removal fractions in different watersheds.
In contrast to basin specific patterns of R‐P, the kst‐Qmean

relationship for all nine watersheds collapsed to yield a single
power function with an exponent of 0.42 (Figure 9b). This
collapse of seemingly diverse watershed nitrate removal
behaviors in large basins across a range of climatic types, to
generate a single effective kst‐Qmean relationship is striking,
and indicates that it might be possible to estimate basin‐scale
in‐stream nutrient losses without explicit spatial network
analysis. It also implies that hydrologic filtering (the con-
version of precipitation to streamflow by filtering through the
landscape) governed the variability in nutrient removal across
watersheds.
[39] The corresponding kst‐hmean relationship, plotted

using a stage discharge relationship h = 0.26Q0.4 (based on a
study of 112 river locations in the United States, Leopold and
Maddock [1953]), yielded an approximate inverse stage
dependence (Figure 10). Consistent with our previous obser-
vation (approach b), the exponent of the kst‐hmean relationship
was independent of the averaging timescale, but the coefficient
varied with averaging (Figure 10). In contrast to the mecha-
nistic approach (approach b) described before, the coefficient
here is greater at the annual time scale than the monthly time
scale. Themechanistic approach had the carryover effect that is
absent in the empirical approach used byDonner et al. [2004].
Here, the differences in the coefficients at the two averaging
time scales arise from the assumption of hmean being the rep-
resentative stage. The total annual removal at any node in a
watershed is the sum of removal through all pathways (from all
first‐order subwatersheds) leading to that node. During travel
through any of these pathways, channels of increasing depth
and decreasing removal efficiency is encountered. It is intui-
tively obvious that the representative stage would be lower
than the mean stage at the outlet, which is the largest stage
encountered along any of the pathways from source to outlet. A
representative stage at the watershed scale will be a function
of the hydroclimatic controls, and the network topology and
geomorphology that defines the distribution of stage through-
out the network. However, the exact functional relationship
between the mean stage at the outlet and the spatiotemporal
distribution of stages requires further analyses and is beyond
the scope of this work.

Figure 9. Mississippi Basin simulations by Donner et al. [2004]: (a) in‐stream removal decreases with
increase in precipitation and (b) collapse of all basins to yield a single relationship between effective k andQ.

BASU ET AL.: SOLUTE REMOVAL IN STREAM NETWORKS W00J06W00J06

9 of 13



6. Probability Distribution Function of k

[40] Having explored basin‐wide scaling of k using semi-
empirical models and uncovering a remarkably convergent
behavior at monthly and annual averaging timescales, we
next explored if the intra‐annual pdf of k could be predicted
as a function of the underlying climate, hydrologic and geo-

morphic controls in the system. As proposed by Botter et al.
[2010], the pdf of k can be described by a Gamma distri-
bution using parameters of p(Q) and the k‐Q relationship
(equations (5) and (6)). The discharge pdf’s could be
described well by gamma distributions with l/kc ranging
between 2 and 2.4 (Table 1). These parameters were able to
reasonably capture the intra‐annual pdf of k using the sto-
chastic model proposed by Botter et al. [2010] (Figure 11).
Of the nine basins explored in this study, the Botter et al.
[2010] approach predicted the pdf’s for some basins better
than others. However, no definite correlation could be
established between the distribution of Q and the predictive
ability of the stochastic model. In addition to prediction, we
fitted the pdf of k which as expected describes the numerical
results better (Figure 11).

7. Discussion

7.1. Persistence of the Inverse Stage Dependence of k

[41] We investigated process controls on the experimen-
tally observed inverse stage dependence of the denitrification
rate constant k. Our results showed that over 2 orders of
magnitude variation in the mass transfer exchange rate (a)
and the sediment denitrification rate constant (ksed), the
exponent, a, of h in the k = vf /h

a relationship varied only
between 0.9 and 1.1, thus validating the empirical results that
assume a ∼ 1. The inverse relationship was robust and
insensitive to wide range of variations in two key sediment
characteristics:a and ksed. The robustness of the relationship is
attributed to the mass transfer constraints to hyporheic

Figure 10. Relationship between the effective kst and hmean
at annual (triangles) and monthly timescales (crosses). Results
are based on Mississippi Basin simulations by Donner et al.
[2004].

Figure 11. Probability distribution functions of the first‐order effective rate constant for nine large basins
in MARB. Histograms indicate simulation results from Donner et al. [2004], the red line is the predicted
distribution from Botter et al. [2010], and the green line is the fitted distribution.
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exchange being the rate‐limiting step for removal, such that the
system becomes comparatively insensitive to local biogeo-
chemical attributes. The TSM approach explicitly accounts for
the reduction in the proportion of the anoxic zone relative to the
water column (which determines the mass transfer conditions)
by simulating the flow dynamics in the channel cross section.
The observation that varying a and ksed had minimal effect on
the k‐h dependence quantitatively supports the hypothesis that
he dynamics of change in contact volume (as manifested in
stage) leads to the persistence of the inverse relationship.
[42] We further evaluated the sensitivity of the empirical

uptake velocity vf to the measured mass transfer and denitri-
fication parameters. Estimated uptake velocities from our
model results ranged between 2 and 200m/yr, while observed
vf values across MARB have been observed to be fairly
consistent at ∼ 60 m/yr [Wollheim et al., 2006]. Our modeling
results indicated that vf was insensitive to a, but increased
linearly with increase in ksed. The observed constant value of
vf [cf. Wollheim et al., 2006] thus suggests a fairly constant
sediment denitrification rate constant ksed across systems.
While this is an interesting observation, it needs to be
evaluated further using reach‐scale measurements of ksed,
a and vf.
[43] The variability in a and ksed values represent fluvial

systems with varying hydrologic, geomorphic, and biogeo-
chemical attributes. Large a value may be representative of
sandy gravelly sediments, while small a values are typical of
“muddy” sediments. Sediment and soil organic carbon con-
tent (OC) variations exert dominant control on ksed [e.g.,
Reddy et al., 1982; Reddy and DeLaune, 2008]. Thus, large
ksed values are representative of sediments with high OC, and
low dissolved oxygen that are typical of “impacted” streams
draining agricultural lands [Inwood et al., 2005;Arango et al.,
2007; Arango and Tank, 2008]. Small ksed values, on the
other hand, maybe representative of sandy and gravelly
sediments with low OC typical of “pristine” streams. Despite
such large variability in stream characteristics, the conver-
gence to a robust, inverse stage dependence provides a
compelling argument that hydrologic controls dominate over
local‐scale sediment biogeochemical attributes.

7.2. Scaling of k‐h Relationship for the River Network

[44] The motivation of this exploration was to understand
how the local k‐h relationship, observed in stream tracer
experiments under steady flow conditions, scales up in time
(kt‐hmean relationship; block C, Figure 1) and space (kst‐hmean
relationship; block D, Figure 1). There was a surprising
consistency in both the spatial and temporal scaling of local
k‐h dynamics in the stream network.
[45] Analytical modeling indicated that for the same mean

annual discharge, there is more processing (higher kt) in
“flashy” streams (l/kc < 1) with high variability in Q than in
“damped” streams (l/kc > 1) with low variability inQ. This is
because in amore variable or “flashy” system, high‐discharge
events, characterized by less in‐stream processing, are rare
and of short duration, and as such they do not contribute much
to the overall reduction in nutrient removal. If these high Q
values are distributed more uniformly over the year in a
“damped” system, the stage is consistently high leading to
low removal. Our results also suggest that the intra‐annual
pdf of Q had no effect on the mean annual removal in
“damped” streams, and the temporally averaged kt‐hmean

relationship collapses to the underlying k‐h relationship. In
contrast, in “flashy” streams, the intra‐annual pdf of Q sig-
nificantly affects the mean annual removal. In such systems,
the temporally averaged kt‐hmean relationship is different
from the underlying k‐h relationship, with the difference
between the two functions increasing nonlinearly with
decrease in l/kc. Thus, in “damped” systems the mean annual
removal can be estimated based solely on the mean stage and
the underlying k‐h relationship, making predictions easier.
In “flashy” streams additional information is required on the
intra‐annual pdf of Q which affects the kt‐hmean relationship.
[46] The network models we used to further explore the

scaling question were restricted to domains with low intra‐
annual variability in Q (l/kc > 1). Consistent with the ana-
lytical study, the network model indicated that the exponent
of the k‐h relationship was independent of spatial and tem-
poral averaging scales. Scale dependence was, however,
observed in the coefficient, a, of the k‐h relationship.
We offer preliminary explanations for this observation in
section 5, but recognize this as an area of future study. The
relatively constant a value with spatial and temporal aver-
aging is intuitively obvious since we are starting with a power
function relationship and scaling it up over a fractal river
network. If we started with other functional forms between k
and h (e.g., exponential), the functional form of the relation-
ship would change with spatiotemporal averaging. The con-
sistencywithwhich the relationship scales up is promising and
indicates that it might be possible to estimate in‐stream
removal without spatially distributed network analysis.

7.3. Prediction of Interannual Variability of k

[47] The analytical model proposed by Botter et al. [2010]
adequately described the intra‐annual pdf of k produced from
reanalysis of the MARB simulations generated by Donner
et al. [2004]. The ability of the stochastic approach to cap-
ture the intra‐annual pdf of k that is generated using a spatially
explicit network model at such large scales (>10,000 km2) is
encouraging, even if the predictions were not exact.

7.4. Implications and Further Work

[48] The biogeochemical scaling of solute removal in
streams is interesting and consistent with similar scaling
observed for hydrologic attributes.. The results imply that
in‐stream removal can be described adequately using sim-
ple scaling relationships, and without requiring a spatially
explicit network model. However, our conclusions are based
on comparisons with outputs from network models, and not
measured data. This is because of a lack of network‐scale data
for evaluating nitrogen removal dynamics. Almost all of the
data available are at the scale of a single reach, making pro-
jections at the network scale entirely model‐dependent. To
overcome this, in‐stream removal data at nested locations
within stream networks at different times need to be gathered.
The modeling was restricted to streams with low intra‐annual
variability in Q. We recognize the need for more careful
analysis in networks with high Q variability; however, other
issues (e.g., temperature effects, ephemeral streams) need to
be considered in such analysis.
[49] Our analysis is based on a two‐compartment model

with a hyporheic transient storage zone while recent studies
have shown [Briggs et al., 2010; Marion et al., 2008] that a
three‐compartment model with an additional transient storage
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zone in the water column captures the dynamics of in‐stream
removal better. However, as noted by Stewart et al. [2011],
the hyporheic transient storage zone has greater influence
on nutrient removal than the surface transient storage zone
because of longer residence times. The surface transient
storage zone is more critical for plant uptake while our focus
was on denitrification. Scaling relationships for N uptake by
plants is also of interest; however, such studies would have to
consider additional factors like timescales of recycling versus
timescale of averaging, as well as how uptake changes along
a river network. Finally, though we have focused on nitrate
for this manuscript, similar analyses can be developed for any
reactive solute based on solute‐specific reactivity and the site
of occurrence of the reaction (e.g., within channel or in the
sediment).
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